Introduction
Most of petroleum hydrocarbon-contaminated sites in Europe are industrial sites or storage sites (Van Liedekerke et al., 2014) . These sites are often subjected to progressive and slowly emerging contamination, created for example by leaking tanks, and once the pollution is discovered, it is difficult to assess when the groundwater ecosystem switched from a pristine system to a contaminated one because historical data are rarely available. A major industrial accident such as a pipeline rupture is different because the moment when the pollution occurs is generally clearly identified by a loss of pressure followed by discontinuation of delivery. The United States have more than 240,000 km of oil pipeline (Trench, 2003) , and the average annual number of crude-oil pipeline spills per year per 1000 miles was 1.5 (i.e. 0.9 per 1000 km) for the 2007-2009 period, for a total amount of oil released of 111 m 3 (Delin and Herkelrath, 2014) . In comparison, oil pipelines in Europe represent a total length of 36,000 km and the average annual number of pipeline oil spills (including crude oil and oil products) per 1000 km was 0.22 for the 2008-2012 period, for a total amount of 371 m 3 of oil released (Davis et al., 2013) . These numbers suggest that the consequences of pipeline bursts on the environmental vulnerability of aquifers merits further research. The crude-oil spill in Bemidji (Minnesota, USA) is a textbook case regarding pipeline spill research. A pipeline rupture in 1979 contaminated a shallow aquifer with 1700 m 3 of oil. The United States Geological Survey (USGS) Toxic Substances Hydrology Program sponsored a long-term and interdisciplinary project that started in 1983 (Delin et al., 1998) . The objective of the project was to improve the understanding of the mobilization, transport, and fate of crude oil in the shallow subsurface. Work at the Bemidji site has ranged from characterization of microscopicscale microbes-mineral interactions (Hiebert and Bennett, 1992; Bennett et al., 2000; Roberts, 2004; Rogers and Bennett, 2004) to plume-scale geochemical and microbial evolution Bennett et al., 1993; Eganhouse et al., 1993; Cozzarelli et al., 1994; Bekins et al., 1999) , and has included testing of complex models of multiphase flow, reactive transport, and biodegradation (Essaid et al., 1995 (Essaid et al., , 2003 Curtis, 2003; Molins et al., 2010) . More recent work focused on processes occurring in the vadose zone (Chaplin et al., 2002; Amos et al., 2005; Sihota and Mayer, 2012) . One of their most important conclusions is that transport and fate of hydrocarbons in the subsurface is a spatially and temporally complex problem, and that only long-term monitoring can help to understand and predict the evolution of subsurface hydrocarbon plumes. Although work at Bemidji gave a very complete insight into processes occurring on the long-term at such a site, the very initial phases of the evolution of natural attenuation were not studied in great detail due to the absence of research programs in the initial years. Very few studies actually described the early stages of aerobic and anaerobic degradation after a sudden pollution. Most of those studies were performed on dedicated sites deliberately contaminated to avoid problems associated with poorly defined sources and plumes. The mass of pollutants spilled at those sites are orders of magnitudes smaller compared to the masses at crude-oil pipeline bursts. Käss and Schwille (1992) poured about four m 3 of heating oil into the alluvial aquifer of the Rhine valley in order to study the formation of a hydrocarbon plume but they were not able to document complete geochemical reactions at the time of their pioneering work that started before 1980. The sandy Borden research aquifer in Ontario (Canada) was another such a site: secured distinct parts of this sandy aquifer were used for numerous studies on artificial pollutant release. Natural attenuation of coal tar creosote mixed with aquifer material to create a source zone was thoroughly studied in Borden Fraser et al., 2008) , and the first sampling campaign for monitoring of soluble compounds such as phenol, m-xylene and naphthalene was done 55 days after source emplacement . However, most of the processes that control the fate of hydrocarbons, such as aerobic degradation, were already occurring at Borden, and mass release and study duration were often not sufficient to document the change of redox state in this aquifer. On August 7th, 2009, a pipeline transporting crude oil buried at 1 m depth broke in a steppe grassland nature reserve of restricted access, 50 km northwest of Marseille (France), and about 5100 m 3 of oil under pressure were projected to the surface where they spread across 5 ha of flat arid landscape. The crude oil later infiltrated through consolidated material via fractures, and formed a floating oil body in the underlying aquifer. The largest extension of the pool was covering about 4 ha. The underlying aquifer is the most important regional aquifer (520 km 2 ) and is under high pressure for water supply (Roux, 2006) . It has been thus thoroughly studied since 1975 and a model was developed by the French Geological Survey to achieve optimal water management (Berard et al., 1995) . In view of potential application of natural attenuation as management option at this site, research on the evolution of attenuation processes was initiated from the very beginning. Monitoring in La Crau started as soon as wells were drilled, while oil had not yet reached the aquifer and was still migrating through the vadose zone.
The objectives of this study were: (1) to monitor the temporal and spatial evolution of redox processes in the saturated zone during a four-year period following a massive oil spill in a pristine aquifer (2), to assess when and where hydrocarbon degradation and especially benzene degradation was occurring (3) to quantify ongoing biotic degradation processes through mass balances and carbon fluxes, and (4) to identify the dominant redox processes.
Material and methods

Site description
The site is in the "La Crau" alluvial plain, on 16 m above sea level (Fig. 1) . This plain was formed by the former river Durance during the Pleistocene (Naudet et al., 2004) . Deposits are made of coarse gravel of various alpine rocks with fine gravel and sand in the interstices. They are cemented in the upper meters by calcareous concretions formed by evaporation, in the form of a Puddingstone with fractures ( Figure S1 , Sup. mat). The deeper parts of the gravel deposits are free from concretions, have hydraulic conductivities of 0.2-2 * 10 −3 m s −1
, and form the most important regional aquifer used for irrigation and drinking water supply. Gravel deposits extend over approximately 15 m and overlay silt or sandy-silt deposits of low permeability. The groundwater table is at 8-11 m below surface and shows important seasonal variations of up to 3 m caused by local rainfall and irrigation upgradient. The groundwater quality is well documented, and concentrations of aqueous species and pH values in background water are summarized in Table 1 .
Remediation
The first remedial actions consisted in excavation and off-site disposal of oil-soaked surface soils. 19 monitoring wells were installed within two months, and the site was characterized in detail by hydrogeological and geophysical methods. The presence of Light Non Aqueous Liquid Phase (LNAPL) was observed in three monitoring wells 2.5 months after the spill and a dissolved plume was detected thereafter. Subsequently, 17 new wells devoted to hydraulic plume management and 30 more wells for tentative LNAPL recovery or monitoring were then installed (Fig. 1 , information about the wells named throughout the paper in Table S1 , Supp. Mat). Recovery wells were equipped with an electric submersed pump positioned deep below water table delivering continuously 0.5 to 2 m 3 h −1 of groundwater, and a pneumatic pump just below the water table filled gravitationally by LNAPL. This latter was delivered by pressurized air in cycles to a recovery tank. Recovery started in January 2010 in three wells and was extended progressively as a function of LNAPL arrival in other wells. LNAPL recovery was operated in a maximum of 22 wells until the end of March 2014. A total of 37 m 3 of LNAPL was recovered from the aquifer within four years. Water pumped in recovery wells, together with 20-25 m 3 h −1 pumped downgradient of the site to cut the dissolved plume, was mixed in an oil separator, analyzed weekly, treated by an activated charcoal filter and re-injected upgradient in seven wells.
Routine monitoring and targeted sampling campaigns
The routine site monitoring requested by authorities included a monthly survey of piezometric heads, basic water quality parameters (T, O 2 , pH, EC) and hydrocarbons in 17 monitoring wells positioned all outside, downgradient and upgradient of the source zone. These monitoring wells included Pz4 and Pz17 (Fig. 1) and 15 other wells distant from 50 to 700 m of the border of the source zone (not pictured in Fig. 1 ). This monitoring was completed by a bi-weekly hydrocarbon analysis (BTEX, aliphatics C5-C35, other aromatics) of the pumped water at the inflow and the outflow of the activated charcoal filter. For both monthly and weekly monitoring, hydrocarbon analyses were performed by an accredited lab (Eurofins) by GC-MS.
In addition to this routine monitoring, seven targeted sampling campaigns were made in wells from within the source zone in order to measure a complete set of dissolved inorganic and organic species in groundwater to get a picture of ongoing geochemical processes. Some monitoring wells were also included (Pz4 and Pz17). Two of these campaigns included the analysis of stable carbon isotopes in hydrocarbons. These targeted seven sampling campaigns were made between April 2010 and December 2013, approximately every six months, during high flow and low flow conditions. Wells were sampled along two transects crossing the source zone, one oriented NS and the other oriented NE-SW (Fig. 1) . The Results section includes either data from only the NS transect (cross-sectional transect) or data from both transects (maps).
Sampling
For both routine monitoring and targeted sampling campaigns, groundwater samples in monitoring wells were obtained using a submersible electric pump Twister and a polyethylene tube (SDEC, France). At least two well volumes were pumped before sampling, recording continuously electric conductivity, temperature, pH and oxygen (WTW, Weilheim, Germany). Samples were taken only upon stabilization of these parameters. In recovery wells (sampled only during the targeted campaigns), water samples were obtained at each well from a tap on the hard PVC tubing used for pumping groundwater to the treatment facility.
Samples intended for cation analyses were filtered through 0.45 μm PTFE filters in glass amber bottles and were immediately acidified (1% hydrochloric acid Ultrapure TraceMetal Grade 34-37%, Fisher Scientific). Samples for anion analyses were filtered in HDPE bottles. For methane analysis and also for two sampling campaigns for stable carbon isotopes after 16 and 43 months, acidified glass amber bottles of 40 mL were filled and were capped thereafter without permitting air bubbles. Sampling vials for headspace analysis of BTEX were filled with 10 mL of groundwater and were immediately crimped. ) and total soluble iron and manganese were analyzed by atomic absorption spectroscopy using a Thermo Scientific ICE 3000 Series instrument. Alkalinity was measured by titration using the Gran plot method (Gran, 1950) . Dissolved Inorganic Carbon (DIC) was calculated from alkalinity and pH. The consistency of analytical data was checked by ion balances which showed generally below 5% error. BTEX were analyzed by gas chromatography with flame ionization detector (GC-FID) using a Perkin Elmer Clarus 580. Sampling was made with a TurboMatrix headspace sampler HS-40 (Perkin Elmer Inc., USA). Quantification was made with both internal and external standards. Methane was analyzed by GC-FID using a Varian 3800 instrument. A few mL of water were retrieved with a needle passed through the septum to create a headspace. 100 μL of this headspace were then sampled and manually injected. The detection limit for dissolved methane was 0.01 mg/L. Further details about analyses described in this section are given in (Ponsin et al., 2014b) .
Stable carbon isotope analyses were made at the University of Neuchâtel, Switzerland. Measurements for enrichments in 13 C-BTEX were carried out by gas chromatography isotope-ratio mass spectrometry (GC-IRMS) using a gas chromatograph (Trace GC; Thermo Finnigan; Waltham, MA) connected via a combustion interface (Thermo Combustion III; Thermo Finnigan) to an isotope-ratio mass spectrometer (Delta plus XP; Thermo Finnigan). Oil-saturated water by equilibration with crude oil sampled on site 12 months after the spill was the source used for δ 13 C comparison. The relative measure delta δ 13 C (‰) for the source and the samples were calculated following Eq. (1):
with R sample being the 13 C/
12
C ratio of the sample, and R standard the abundance ratio of the international standard (VPDB), both determined by isotope ratio mass spectrometry.
Results
Evolution of hydrocarbon concentrations
Results focus on benzene, which is the compound of particular concern in this study due to its toxicity and high mobility (known human carcinogen, Badham and Winn, 2007) . Benzene concentration and piezometric heads in monitoring wells Pz6, Pz12 and Pz7 located downgradient of the oil body are shown in Fig. 2 (location of these wells on Fig. 1 ). They were chosen because they were among the first wells to be drilled downgradient and groundwater monitoring started only a few days after the spill. Benzene concentrations and piezometric head followed the same trend in the three wells. Concentrations of benzene in Pz6 started to increase about three months after the spill and half a month after free phase was observed in some wells upgradient ( Fig. 2A) . After peaking at approximately 500 μg L −1 , concentrations decreased after the implementation of the hydraulic barrier. A small but significant rebound was observed after 28 months, after a rapid rise of the water table to the annual maximum. Benzene concentrations and piezometric heads followed the same pattern in Pz12 and Pz7 than in Pz6, but benzene concentrations showed less variation between two measurements in Pz12 than in Pz6 and Pz7 (Fig. 2B, C) .
Piezometric heads showed larger variations in Pz7 and Pz6 than in Pz12. Benzene concentrations in Pz12 and Pz7 started to increase about 136 days after the spill, and 59 days after free phase was observed. They reached 400 μg L −1 in Pz12 and 1200 μg L −1 in Pz7. No rebound in benzene was observed in December 2011 in Pz12.
Oxygen concentrations were initially always measured when benzene was monitored, and results are shown in Figure S1 . In all wells, oxygen was initially between 8 and 10 mg L −1 and quickly dropped when benzene traces were monitored. Oxygen monitoring was discontinued in these wells thereafter. Benzene concentrations measured at the inflow of the activated charcoal filter and in some wells of the source zone sampled during the targeted campaigns and belonging to the two transects are shown in Fig. 3 . Concentration measured at the inflow represented an average concentration of benzene. Initially around 900 μg L . Benzene concentrations decreased thereafter again and remained b 10 μg L − 1 after 34 months.
Measurements of benzene concentrations within the source zone during the sampling campaigns after 15 and 28 months showed great variability (Fig. 3) , with values ranging from 50 μg L −1 (Pz42) to 800 μg L ) and was in good agreement with concentrations measured in groundwater samples throughout the site. Concentrations of ethylbenzene and total xylenes measured at the inflow of the activated charcoal filter followed the same trend as benzene with a rebound after 28 months, but showed greater variability (Supp. material, Fig. S2 ). In contrast, toluene concentrations decreased toward detection limit within 24 months and showed no rebound after 28 months. Concentrations of total hydrocarbons (THC) C5-C10 also decreased until month 28, followed by the rebound between month 28 and the end of month 29 (Supp. material, Fig. S3 ). Concentrations of THC C10-C40 were generally b2 mg L −1 with peaks of up to 100 mg L − 1 , which is above maximum solubility and suggests that groundwater contained temporarily suspended oil drops.
Evolution of electron acceptor (EA) concentrations
Concentrations of dissolved oxygen (DO), nitrate, and dissolved iron and manganese measured along the NS transect during the seven sampling campaigns are shown in ). This area seemed to shrink 41 and 47 months after the spill (Fig. 5C, D) . The map drawn with data from the campaign made after 28 months shows the largest area depleted in sulfate, and concentrations were below detection limit (0.7 mg L −1 ) in several wells (Fig. 5A ).
Carbon species
Contour maps of dissolved methane concentrations during the five last campaigns are shown in Fig. 6 . Methane was not detected in wells monitored during the first two campaigns. After the first detection 28 months after the spill, methane concentrations approximately doubled every six months and the methanogenic zone continuously enlarged during the monitoring period. Maximum measured concentrations ranged from 0.76 mg L −1 in Pz25 after 28 months (Fig. 6A ) to 12 mg L −1 in Pz21 after 52 months (Fig. 6E ). These two wells do not belong to the transect. Concentrations of methane, dissolved inorganic carbon (DIC), and BTEX along the NS transect are shown in Fig. 7 . Methane concentration continuously increased within the contaminated area, and this increase was more significant between months 41, 47 and 52 (Fig. 7A) . Concentrations of DIC were b 4.3 mM outside of the oil body whereas they were comprised between 4.3 mM and 7 mM in the heart of the contaminated area (Fig. 7B) . The highest concentrations were measured during the campaign made after 28 months, with DIC of up to 11.1 mM around 98 m (Pz23). BTEX concentrations (sum of concentration of benzene, toluene, ethylbenzene, and total xylenes) were below detection limit upgradient and downgradient of the oil body and greatly varied within the contaminated area (Fig. 7C) . Generally, they tended to decrease with time. The highest concentrations were measured during the campaign made after 28 months. Fig. 8 shows, after 16 months, the difference in isotope ratio Δδ 13 C (‰) for benzene between the value for each well sampled and the source, as a function of C/C 0 , with C 0 benzene concentration of the source. Δδ 13 C was inversely correlated to C/C 0 , with values of Δδ 13 C increasing when C/C 0 decreased. The same correlation is observed for ethylbenzene, n-pentane and n-hexane isotope ratio Δδ
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13
C as a function of C/C 0 (Supp. mat Fig. S4 ). Toluene was detected in only two wells after 16 months, but the shift in δ 13 C was significant, with a maximum Δδ 13 C of 5.51 ± 0.22‰ for Pz24. Isotope enrichment for m and p-xylenes was b 0.8‰, except for 2 wells (0.85 ± 0.23‰ in Pz22 and 1.18 ± 0.23‰ in Pz20), whereas o-xylene was below detection limit in most wells. Isotope data from the sampling campaign after 43 months did not show significant shift in δ 13 C value for targeted compounds and the measured concentrations of BTEX were at least one order of magnitude lower than during the first campaign (data not shown).
Discussion
Temporal geochemical evolution of the source zone
Benzene appeared in significant concentrations after 4-5 months in the three monitoring wells drilled right after the spill (Fig. 1) . The arrival was slightly preceded by a drop in oxygen concentrations after 3-4 months (Fig. S1 ). Additional measurements in the source zone (data not shown) confirmed also a general decrease of oxygen concentrations, but drilling operations and flow changes due to the operation of the hydraulic barrier made it difficult to interpret data. The first complete sampling campaign under steady pumping regime, eight months after the spill, showed that several wells beneath the oil body were depleted in nitrate and sulfate, with higher concentrations of dissolved iron and manganese than outside of the oil body. This suggests that anaerobic degradation processes, from denitrification to sulfate reduction, appeared on site within eight months. Data showed that the most reducing area was located around Pz21 and Pz25 (Fig. 1) , with the highest depletion in sulfate measured for each campaign (Fig. 5) , and the highest concentrations of ferrous iron measured in Pz25 (of up to 7.6 mg L − 1 of Fe 2+ after 28 months). Methane was detected in this area for the first time after 28 months, and the highest concentrations of methane during the different campaigns were always measured in this area (Fig. 6) . A dipole test with injection and recirculation of nutrients (nitrate and phosphate) was conducted in Pz21 and Pz25 between months 21 and 25 after the spill (Ponsin et al., 2014a) . Dissolved nitrate and phosphate decreased rapidly to non-detectable concentration after month 26 in this zone. In a microcosm study set up with material from this site, redox conditions shifted from aerobic degradation to methanogenesis in approximately 200 days (Ponsin et al., 2014b) . The appearance of methane at the field site took much longer compared to the microcosm, but may seem quite fast compared to the similar pipeline rupture in Bemidji, where methane was detected for the first time on site five years after the spill. Background concentrations of dissolved EA, especially nitrate and sulfate, were much lower in Bemidji than in the La Crau aquifer (0.2 mg L −1 of nitrate, 2.3 ± 0.2 mg L − 1 of sulfate ). However, average 0.5 M HCl-extractable Fe(III) in Bemidji (23.8 ± 2.0 μmol g −1 sediment, (Tuccillo et al., 1999) ) was approximately three times higher than in the La Crau aquifer (8.6 ± 0.1 μmol g −1 sediment, (Ponsin et al., 2014b) ). At Bemidji, iron reduction is the most important redox process, and the higher content of microbially available ferric iron in sediments retarded the onset of methanogenesis. In the microcosms with Crau sediments, the ratio of solids to groundwater was low, and iron oxides were depleted faster than at the field site. At the Crau site, the most reducing conditions were observed after 28 months, with an enlarged area depleted in DO, nitrate, sulfate and higher concentrations of dissolved iron and manganese. This campaign was made during a major rise of water level after one year of low water level ( Fig. 2A) , and coincided with a rebound in benzene concentrations measured in monitoring wells Pz6 and Pz7 ( Fig. 2A, C) , and at the inflow of the activated charcoal filter (Fig. 3) . Previous studies (Dobson et al., 2007; Anderson et al., 1992) showed that water-table fluctuations lead to an extended entrapment of LNAPL below the water table and to an increased LNAPL/water interfacial area, promoting thus an enhanced dissolution and enhanced biodegradation. At the la Crau site, most LNAPL reached the free water table when it was high in winter 2010. Later, the water table sunk and created a smear zone with entrapped LNAPL. This entrapped LNAPL was again below the water level in November 2011, explaining the observed rebound of benzene, ethylbenzene and xylenes concentrations (Figs. 3. and Fig S2. B and C. from Supp. Mat.). Higher availability in dissolved hydrocarbon lead to an enhanced biodegradation and thus to the strong reducing conditions observed during this campaign.
Spatial evolution of geochemistry
The profiles of dissolved electron acceptors across the source zone show a clearly fringe-dominated consumption of oxygen and nitrate, although an exception occurred in one well in the center of the plume where DO and NO 3 − concentrations were higher than elsewhere in the oil zone. The disappearance of O 2 and NO 3 − at the fringes is in accordance with literature postulating a fringe-controlled degradation of hydrocarbon plumes (Borden and Bedient, 1986; Atteia and Guillot, 2007) . In contrast, iron, sulfate, and methane concentrations along transects suggest a core degradation of hydrocarbons. This core degradation gains importance with the onset of anaerobic conditions later than 28 months after the spill and is well reflected also by highest DIC concentrations in the center of transects at these dates. Future modeling of the plume should be based on models that include both, core and fringe degradation (Gutierrez-Neri et al., 2009; Hunkeler et al., 2010) , or numerical models accounting for all degradation processes in a thermodynamicallygoverned sequence.
Hydrocarbon degradation
The theoretical maximum solubilities for benzene and toluene in water equilibrated with the original crude oil according to Raoult's law are calculated to be of 2700 μg L −1 for benzene and 1800 μg L for toluene (0.06% w/w benzene and 0.17% w/w toluene in the spilled oil). However, experimental data showed that these values were never reached at any point at the field site. A sample of oil taken in august 2010 from the LNAPL recovery system was equilibrated with water and this resulted in a solubility of 1200 μg L −1 for benzene and 200 μg L −1 for toluene. Two processes can explain the markedly lower concentrations in groundwater compared to theoretical solubilities: first, the oil bursting to the surface after pipeline break in august 2009 during a hot summer weather period underwent volatilization after the spill before it started to infiltrate, and partly lost the most volatile compounds, among them BTEX. Second, dissolution enhanced by biodegradation in the saturated zone furthermore depleted the crude oil in these two compounds. It must be noted here that pure dissolution not enhanced by biodegradation would deplete benzene three times faster than toluene from the source zone because of a three-fold higher solubility of benzene. Our results in Figs. 3 and S2 (Supp. mat) suggest the inverse: that toluene was much faster depleted and reached much earlier very low dissolved concentrations in groundwater than benzene. This suggests that toluene is well degraded on site and that degradation started early after the spill. For benzene, the situation is less clear based on concentration measurements. Sharp increases of benzene concentration in Pz6, Pz7 and Pz12 suggested that benzene degradation had either not started yet 6 months after the spill or was masked by other processes (Fig. 2) : benzene concentrations reached the maximum values in Pz7 in mid-February 2010. The decrease in benzene concentrations after mid-February 2010 is due to the implementation of the hydraulic barrier that cut the plume, which never reached Pz6 or Pz7 again, except when water level dramatically rose in November 2011. Benzene was then degraded before reaching Pz12 since it was not detected in this well (Fig. 2B) . However, the general trend of dissolved benzene concentrations showed also a marked decrease during the four-year period studied, suggesting that physical and tentatively biological natural attenuation was very effective on the site. Complementary field and lab data confirm that benzene concentrations were rapidly lowered to below detection limit in a field test and in microcosms where nitrate and phosphate were added (Ponsin et al., 2014a (Ponsin et al., , 2014b . Further strong evidence for toluene and benzene biodegradation is given by the results of carbon isotope ratios in these compounds. Both compounds undergo significant isotopic enrichment along flow paths in the source zone. Recent studies showed that physical processes such as sorption and diffusion could lead to isotope fractionation and to an overestimation of biodegradation, although the importance of these processes in the field has not been shown yet (for a review, see Braeckevelt et al., 2012) . Using a model indoor aquifer and a transient toluene pulse, Qiu et al. (2013) were able to determine a specific isotope enrichment factor attributable to sorption only and accounting for about 15% of the isotope enrichment factor attributable to biodegradation only. However, the la Crau aquifer has a low content of organic matter and the plume was more or less in a steady-state, so sorption in the fringe of the plume is most probably negligible. Labolle et al. (2008) showed through mathematical simulations that diffusion can control contaminant transport at low flow velocity. They suggested that diffusive isotope fractionation could be in the same order of magnitude as isotope fractionation due to biodegradation in transport regimes where diffusive mass transfer between high and low-permeability zones is prominent during transient state plume evolution. In the case of the Crau site, the existence of such a mass transfer is unknown, but at the time of isotope analysis, the plume had reached steady state and therefore diffusion can be excluded as fractioning process.
The observed enrichment can be used for a quantitative assessment of degradation provided that an enrichment factor ε is known. However, the values for isotope enrichment factors for each compound are somewhat variable, because the mechanism of the initial transformation step on site under different redox conditions are variable. An isotope enrichment factor can be estimated from the data by plotting ln (R/Ri) versus ln (C/Ci) for each compound, with Ci the concentration of the compound in the source, and R = δ 13 C + 1000. The isotope enrichment factors calculated from the data are − 0.9, − 1.2 and − 0.9 for benzene, ethylbenzene and n-pentane, respectively. No estimations could be given from the data for toluene and n-hexane. However, these estimations from field data are affected by both degradation and dissolution and they would lead to an underestimation of biodegradation. Many wells are in the source and hence benzene will be re-dissolved. The isotope shift would then be the net effect between biodegradation and re-dissolution. The fact that it is still possible to see a shift suggests that biodegradation is quite strong and/or mass transfer from the NAPL is limited.
Another estimation of ε can be tempted given that predominant redox conditions on site are known (see Section 4.4). For each compound, isotope enrichment factors from previous studies were compiled (Aelion et al., 2010) . Only studies under sulfate-reducing conditions were taken into account, or under anaerobic conditions if ε values for sulfate reduction were not available. Provided that an averaged isotope enrichment factor associated to degradation is known, the fraction of compound that is degraded (fdeg) can be estimated from isotope data (Aelion et al., 2010) :
with Δδ
13
C the difference in isotope ratio between the well sampled and the source expressed in ‰. This fraction can also be expressed as a percentage of degradation B (Meckenstock et al., 2004) :
B corresponds to the concentration reduction compared to the expected concentration if dilution only occurred; the remaining percentage (1-B) is due to dilution and dispersion.
The estimated percentages of degradation for several compounds are compiled in Table 2 . For toluene, the percentage of degradation was N 75%, which is consistent with the very low concentration observed at the inflow of the activated charcoal filter and the quick drop to undetectable level. Wells within the most reduced area (Pz1 to 3, Pz22 and Pz24) tended to display the smallest percentage of biodegradation while wells at the plume fringe (Pz20, Pz38 and Pz42) showed the highest percentage of biodegradation for the studied compounds.
A previous study in microcosms (Ponsin et al., 2014b) showed that BTEX were degraded even under methanogenesis, but at a slower rate compared to other redox conditions. The absence of significant shift in δ 13 C after 43 months may be due to the continuous input of the targeted compounds by the dissolution of free phase that could mask isotope fractionation associated with biodegradation.
Carbon fluxes
Carbon fluxes in kg C day −1 were determined from data obtained from each campaign to assess the flux of DIC caused by hydrocarbon biodegradation across the transect N to S. The surface of this transect was assessed by multiplying the length of the transect between two sampled wells by the wetted cross section in gravel deposits. Fluxes were obtained by multiplying this surface by the natural Darcy velocity (0.32 m day
, estimated from an effective velocity comprised between 2.4 and 2.7 m day −1 and a porosity comprised between 0.1 and 0.15) and by the measured DIC value to which background DIC value was previously subtracted. It is worth noting that the hydraulic containment with water pumping and reinjection has little impact on the calculated fluxes: water reinjected upgradient is free from dissolved EA and hydrocarbons after treatment by the activated charcoal filter. However, inorganic carbon concentration might be increased in injected water, and therefore an overestimation of carbon production in the transect is possible. The additional flow created by the recirculation of water increased the dissolution of LNAPL and is thus taken into account in the estimation of organic carbon fluxes. Carbon fluxes for each campaign are shown in Fig. 9 . The organic carbon fluxes are not shown in Fig. 9 because they are almost negligible (maximum of 0.3 kg C/day right after the implementation of the hydraulic barrier). A hypothetic inorganic carbon production from EA consumption was also determined with carbon production rates summarized in Table 3 . Results are also shown in Fig. 9 . For each campaign, the carbon flux estimated from DIC values was slightly higher than the flux estimated from EA consumption. Concentrations of Ca 2+ and Mg 2+ in wells beneath the oil body were, respectively, 10 and 50%
higher in average than outside of the oil body during the different campaigns, reflecting an increased dissolution of both magnesium carbonate and calcium carbonate in the contaminated area. The observed gap between the two estimations of inorganic carbon production for each campaign can be thus due to carbonate dissolution. The carbon production estimated from DIC values 28 months after the spill was approximately eight times higher than the average production from the other campaigns. Carbon production from EA consumption was also the highest on that date, but not in accordance with real carbon production. Enhanced biodegradation due to a major rise in water level, lead to a drop in measured pH beneath the oil body. That pH was the lowest among all the campaigns, with a mean value of 6.8 while the mean value for other campaigns was comprised between 7.1 and 7.3. Calcium concentrations beneath the oil body were in average 22% higher than in background. Carbonate dissolution markedly increased during this campaign, explaining a dramatic increase in carbon production. The effects observed at 28 months after the spill are best explained by a combination of an important dissolution of soluble degradable hydrocarbons from oil droplets in the vadose zone combined with a mobilization of additional electron acceptors from the capillary fringe and even from above due to the sudden rise of the water table. Although carbon production estimated from DIC values decreased thereafter markedly, it tended to increase later again after 35 months.
Dominant redox processes
Estimations of carbon production for each campaign showed that the highest carbon flux was attributable to sulfate reduction (in average 60% of carbon production), which is therefore the predominant anaerobic biodegradation process for hydrocarbon removal. This proportion has been decreasing since December 2012, after 35 months, and the carbon production attributable to sulfate reduction was 50% after 52 months. Methanogenesis was responsible for 1% of carbon production 28 months after the spill when methane was first detected on-site. Contribution of methanogenesis in carbon production has been increasing ever since to reach 27% after 52 months. The core degradation processes dominate thus quantitatively at this site compared to fringe degradation with DO and nitrate. For comparison, at the Bemidji spill site, concentrations of methane increased from almost zero to approximately 17 mg L −1 in the 2.5 years once methanogenesis started following the lag-phase of 5 years. Baedecker et al. (1993) , Bennett et al. (1993) and Eganhouse et al. (1993) studied temporal changes in the Bemidji plume between 1986 and 1992 (i.e. between 7 and 13 years after the spill), and showed that predominant anaerobic processes were evolving with time from iron reduction to methanogenesis, and that the plume was becoming more reducing with time. In a survey of 38 sites, Wiedemeier et al. (1999) estimated that methanogenesis was responsible for 16% of petroleum hydrocarbon degradation, showing the relative importance of this degradation pathway for plume control.
Carbon mass balance
An attempt to quantify hydrocarbon oxidation can be made by using the fluxes of carbon produced from EA consumption. Within a time frame starting seven months after the spill and ending 53 months after the spill, a total of 2047 kg of hydrocarbons (CH 1.85 ) were degraded on site, to which 115 kg from a recirculating tracer test should be added (Ponsin et al., 2014a) , for a total of 2162 kg (2.51 m 3 ). Within the same time frame, 900 kg of hydrocarbons (1.05 m 3 ) were trapped in the activated charcoal filter, and 30,616 kg (35.6 m 3 ) of LNAPL were recovered by skimming (unpublished classified report). A previous field study gave an estimated volume of residual crude oil below the capillary fringe of 309 ± 93 m 3 , with a non-extractable oil volume of 142 ± 43 m 3 (Ponsin et al., in press ).
The mass of oxidized hydrocarbon may seem low compared to the overall mass recovered by physical means. However, biodegradation is a more efficient process for plume control compared to pumping and filtration since it removed more than twice of dissolved hydrocarbons compared to the activated charcoal filter. Furthermore, biodegradation was probably underestimated since this mass balance did not take into account biodegradation in the vadose zone. There, oil can be degraded aerobically in the presence of O 2 (Amos et al., 2005) , or anaerobically and in particular under methanogenic conditions .
Conclusions
Evolution of the hydrocarbon-degrading processes observed in the La Crau aquifer revealed the following picture: it took first about 2.5 months for the liquid crude oil to reach the groundwater table. Then during the following 3.5 months, the plume expanded and peak concentrations of BTEX were observed in wells beyond 200 m downgradient of the source zone after 6 months. Dissolved oxygen concentrations fell from initial 8-10 mg/L to low values in wells where BTEX appeared. After 8 months, geochemical parameters indicated a full expression of all aerobic and anaerobic natural attenuation processes except methanogenesis in the source zone. This latter process evolved progressively between months 28 and 48, at the expense of metal-reducing processes (Fe and Mn) which decreased in magnitude. Methanogenesis became the second most important process for hydrocarbon degradation on a mass balance after sulfate reduction, although the aquifer was initially aerobic and fast-flowing. Water pumping in the source-zone and biodegradation of dissolved compounds caused that the dissolved concentrations of toluene and benzene dropped markedly during the studied period.
This work focused on natural attenuation beneath the source zone: no permanent plume of dissolved HC has been observed so far, because of the hydraulic containment implemented seven months after the spill. The recent shutdown of the physical remediation techniques could lead to further expansion of the plume. The smear zone extends vertically over approximately 2.5 m, and only the lower part of this zone is almost always below the water table. Pulses of HC dissolution should be expected in the future, consequently to point rises of the water table. These fluctuations of water level should lead to variations of the plume length. A rapid establishment of methanogenic conditions could also have some impacts on its length: Cozzarelli et al. (2001) showed that, in Bemidji, the hydrocarbon plume was growing slowly as sediment iron oxides were depleted and the aquifer evolved from iron reducing to methanogenic conditions. Work described in this paper is a strong basis to build a reactive transport model of the plume: first, under the influence of physical remediation, and then after the shutdown of all facilities. This model will be described in future work. Fig. 9 . Estimated carbon production: Dissolved Inorganic Carbon (DIC) flux caused by biodegradation and carbonate dissolution (dark gray) and hypothetic carbon production from EA consumption (light gray), in kg C day −1 .
Table 3
Stoichiometric changes in concentrations of electron acceptors consumed or products formed for degradation of 1 mg/L hydrocarbon. The model hydrocarbon used for these estimations was CH 1.85 (Bolliger et al., 1999) . 
